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ABSTRACT
Woody plant encroachment on water-limited lands can induce a shift from biotic (plant)-controlled resource retention to abiotic
(physical)-driven losses of critical soil resources. The biotic-to-abiotic shift occurs where encroachment propagates connectivity of
runoff processes and ampliﬁed cross-scale erosion that, in-turn, promote ecohydrologic resilience of the post-encroachment
community. We investigated these relationships for woodland-encroached sagebrush steppe in the Great Basin, USA, and evaluated
wildﬁre as a mechanism to reverse the post-encroachment soil erosion feedback. We measured vegetation, soil properties, and runoff/
erosion from experimental plots on burned and unburned areas of a late-succession woodland 1 and 2 years post-ﬁre. Our ﬁndings
suggest that the biotic-to-abiotic shift and ampliﬁed cross-scale erosion occur where encroachment-induced bare ground exceeds
50–60% and bare gaps between plant bases frequently extend beyond 1 m. The trigger for ampliﬁed cross-scale erosion is formation of
concentrated ﬂow within the degraded intercanopy between trees. Burning in this study decreased ecohydrologic resilience of the latesuccession woodland through herbaceous recruitment 2 years post-ﬁre. Increased intercanopy herbaceous productivity decreased
connectivity of bare ground, improved inﬁltration, and reduced erosion, but the study site remained vulnerable to runoff and erosion
from high-intensity rainfall. We conclude that burning can reduce woodland ecohydrologic resilience and that woodland
encroachment-induced structural and functional ecohydrologic attributes may persist during high-intensity storms for an undetermined
period post-ﬁre. We cannot conclude whether wildﬁre reverses the woodland-induced soil erosion feedback on sagebrush rangelands.
However, our results suggest that wildﬁre may provide a restoration pathway for sagebrush steppe by reducing woodland
ecohydrologic resilience over time. Published 2013. This article is a U.S. Government work and is in the public domain in the USA.
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INTRODUCTION
Woody plant transitions on water-limited lands often result
in cross-scale ecohydrologic feedbacks that, in turn, elicit
potentially irreversible landscape-scale degradation (Peters
et al., 2004; Okin et al., 2006; Allen, 2007; Peters et al.,
2007; Turnbull et al., 2008). These feedbacks are typically
initiated by multiple exogenous forces (e.g., climate
variability, land use, decreased ﬁre frequency, and CO2
fertilization), which alter plant community or biotic
structure such that abiotic processes propagate long-term
losses of critically important soil resources (Schlesinger
et al., 1990; Davenport et al., 1998; Turnbull et al., 2012).
The conversion of native grasslands (Bouteloua spp.) to
shrublands [Larrea tridentata (DC.) Coville and Prosopis
glandulosa Torr.] in the southwestern United States is a
commonly cited example (Bufﬁngton and Herbel, 1965;
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Grover and Musick, 1990; Schlesinger et al., 1990; Bahre
and Shelton, 1993; Archer et al., 1995; Van Auken, 2000,
2009). Shrub encroachment, once initiated, is sustained by
high inﬁltration rates, enhanced soil water storage, and
entrapment of nutrient rich soils underneath and/or adjacent
to shrub canopies (Schlesinger et al., 1990; Parsons et al.,
1992; Bhark and Small, 2003; Ravi et al., 2007; Okin
et al., 2009; Turnbull et al., 2010a, 2010b; Field et al.,
2012). Coarsening of the plant community structure with
escalating shrub dominance enhances ﬁne-scale (0–2 m2)
runoff and erosion by rainsplash and sheetﬂow (splashsheet) processes in interspaces between shrubs (Abrahams
et al., 1995; Parsons et al., 1996a). Runoff generated in
bare interspaces promotes concentrated ﬂow at the patch
scale (10–40 m2) and ampliﬁes downslope sediment
transport (Luk et al., 1993; Parsons et al., 1996b;
Wainwright et al., 2000; Turnbull et al., 2010a). Water
and soil losses at the patch scale inhibit herbaceous
productivity and propagate bare-ground connectivity
(Bhark and Small, 2003). Wind and water erosion increase
with increasing bare ground over broader scales, potentially irreversibly degrading a site beyond a resource
conservation threshold (Whitford et al., 1995; Bestelmeyer
et al., 2003; Chartier and Rostagno, 2006; Herrick et al.,
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2006; Turnbull et al., 2012). Similar cross-scale, bioticregulating and abiotic-regulating ecohydrologic feedbacks
have been described for woodlands in the southwestern
USA (Davenport et al., 1998; Wilcox et al., 2003) and for
water-limited plant communities in Africa (Bromley et al.,
1997; Valentin et al., 1999), Australia (Dunkerley and
Brown, 1995; Ludwig and Tongway, 1995; Dunkerley,
2002; Ludwig et al., 2007), South America (Chartier and
Rostagno, 2006), and Spain (Cerdà, 1997; Bergkamp,
1998; Cammeraat and Imeson, 1999; Bautista et al., 2007).
Millions of hectares of sagebrush steppe (Artemisia spp.)
in the Great Basin, USA, have been degraded through
ecohydrologic structure–function feedbacks following
encroachment by singleleaf pinyon pine (Pinus monophylla
Torr. & Frém) and juniper (Juniperus spp.) woodlands.
Woodland encroachment into sagebrush steppe can be
partitioned into three phases (Figure 1): (i) Phase I – tree

Figure 1. Common physiognomy shifts in sagebrush steppe with
advancing woodland encroachment and increasing tree dominance (a),
the associated degradation-induced shift in the dominate erosion processes
(b), and the relative change in erosion magnitude (y-axis, trend change
indicated by red line) along the encroachment gradient (sagebrush steppe
to Phase III woodland) because of respective degradation in site and
surface conditions (x-axis) that dictate inﬁltration and surface soil stability
(c). Erosion from sagebrush steppe is generally low and occurs by isolated
rainsplash and sheetﬂow. Erosion increases with a transition through
Phase I to Phase II and occurs as a combination of rainsplash, sheetﬂow,
and concentrated ﬂow. Erosion increases exponentially along the Phase II
and Phase III encroachment gradient because of a shift to concentrated
ﬂow as the dominant erosion process. Rainsplash photograph (b) courtesy
of United States Department of Agriculture, Natural Resources Conservation Service. All other photographs were taken by the authors.

cover (<1- to 3-m height) expands, but shrubs and
herbaceous species remain the dominant cover and control
on ecological processes; (ii) Phase II – tree cover increases
to 10–50%, shrub and herbaceous cover decline because of
resource competition, and trees begin inﬂuencing key
ecological processes; and (iii) Phase III – tree cover
stabilizes, is the dominant cover type (>75% shrub
mortality), and exerts the primary control on ecological
processes (Miller et al., 2000, 2005; Johnson and Miller,
2006; Miller et al., 2008). Productive shrubs, herbaceous
vegetation, and litter cover on well-vegetated and intact
sagebrush sites intercept and store rainfall, promote
inﬁltration, stabilize surface soils, and attenuate the
downslope movement of water and sediment (Blackburn,
1975; Pierson et al., 1994). The decline in understory
canopy and ground cover post-encroachment (Burkhardt
and Tisdale, 1969; Bates et al., 2000; Miller et al., 2000;
Roberts and Jones, 2000; Bates et al., 2005) increases
water availability for runoff, inhibits inﬁltration, increases
soil erodibility, and facilitates a shift from splash-sheet to
concentrated ﬂow as the dominant erosion process (Figure 1;
Pierson et al., 2007, 2010). The encroachment-induced
hydrologic and erosion process shift represents an ecohydrologic threshold-crossing switch from biotic (plant)
regulated resource conservation to abiotic (inherent soil
properties and runoff) controlled losses of soil resources
critical for plant productivity in drylands (Schlesinger et al.,
1990; Davenport et al., 1998; Wilcox et al., 2003; Belnap
et al., 2005; Ludwig et al., 2005; Puigdefábregas, 2005;
Turnbull et al., 2008, 2010b, 2012). This soil loss or erosion
feedback is common in the later succession stages (midPhase II and Phase III) of woodland encroachment, results in
long-term site degradation, and is generally considered
irreversible without intensive and expensive management
action (Miller et al., 2005; Pierson et al., 2007; Briske et al.,
2008; Petersen et al., 2009; Pierson et al., 2010).
Woodland encroachment into Great Basin sagebrush
steppe may represent a ‘transformative change’ (Wilcox,
2010). Wilcox (2010) deﬁned ‘transformative change’ as a
profound alteration to the Earth’s surface that fundamentally affects ecosystem processes. Recent syntheses by
Davies et al. (2011) and Miller et al. (2011) reported that
pinyon and juniper woodlands now occupy more than
18 million hectares in the Intermountain West, USA, and that
approximately 90% of that domain was sagebrush steppe preEuropean settlement (>140 years ago). Woodland encroachment generally approaches Phase II within 20–40 years and
Phase III within 70–120 years after initial tree establishment
depending on site-speciﬁc productivity (Miller et al., 2005;
Johnson and Miller, 2006). Miller et al. (2008) forecast the
majority of Great Basin woodlands will approach Phase III
over the next 40–50 years. This post-settlement woodland
encroachment trend suggests that much of historical Great
Basin sagebrush steppe may be approaching an ecohydrologic or conservation threshold beyond which proliferation of
landscape-scale degradation through a soil erosion feedback
is likely (Schlesinger et al., 1990; Davenport et al., 1998;
Turnbull et al., 2008; Petersen et al., 2009; Turnbull et al.,
2010b, 2012). The threat of high-severity wildﬁres is also
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increasing across the woodland-encroached sagebrush
domain (Miller and Tausch, 2001; Keane et al., 2008;
Romme et al., 2009). As woodlands approach Phase III, high
tree canopy biomass promotes intense and severe wildﬁres
under extreme ﬁre weather conditions (Miller and Tausch,
2001; Baker and Shinneman, 2004; Romme et al., 2009).
Limited pre-ﬁre seed sources and propagules of desired
understory species on Phase III woodlands inhibit post-ﬁre
shrub and herbaceous species recruitment and further
advance site degradation through long-term soil loss (Koniak
and Everett, 1982; Miller et al., 2000; Bates et al., 2002;
Miller et al., 2005). Phase I woodland or wooded shrublands
are also burning in intense high-severity ﬁres because of
heavy woody fuel loading (Miller and Tausch, 2001; Romme
et al., 2009). High-severity burns that remove key native
perennial species decrease sagebrush steppe resistance to
weed invasions (Stewart and Hull, 1949; Melgoza et al.,
1990; Knapp, 1996; Chambers et al., 2007; Condon et al.,
2011) and amplify soil erosion (Pierson et al., 2011; Wilcox
et al., 2012). Post-ﬁre invasion by the annual cheatgrass
(Bromus tectorum L.) on warmer and drier sites may establish
an alien grass ﬁre cycle with ﬁre return intervals less than
5 years (Knapp, 1996; Brooks et al., 2004; Miller et al.,
2011). Long-term soil erosion and site degradation are likely
exacerbated by frequent re-burning (Pierson et al., 2011;
Wilcox et al., 2012). Long-term soil loss from sagebrush
steppe is a paramount concern for ecosystem health in the
Great Basin (Miller et al., 2011) and has negative ramiﬁcations on ﬂora, sagebrush obligate fauna, and local economies
reliant on rangeland ecosystem goods and services (Connelly
et al., 2000; Knick et al., 2003; Aldrich et al., 2005; Miller
et al., 2005; Havstad et al., 2007; Davies et al., 2011).
Former Great Basin shrublands converted to woodlands
represent an alternative ecosystem state in which some
mechanism or trigger is required to ecohydrologically
reverse (hysteresis effect) the soil erosion feedback
(Scheffer et al., 2001; Scheffer and Carpenter, 2003;
Suding et al., 2004; Turnbull et al., 2008, 2012). The
alternative state, woodland, is perpetuated by runoff, and
erosion (abiotic) processes or ecohydrologic feedbacks
that, respectively, increase woodland and decrease sagebrush steppe ecohydrologic resilience (Figure 1; Briske
et al., 2006, 2008; Petersen et al., 2009). Briske et al.
(2006, 2008) describe resilience as the degree of alteration
necessary to shift an ecosystem from one stable state of
reinforcing structure–function relationships to a new stable
state sustained by different structure–function relationships. We expand the term resilience here to ecohydrologic
resilience given the dependence on vegetation structure and
hydrologic function in our case. For sagebrush-woodland
conversions in the Great Basin, an ecohydrologic threshold
exists separating the two stable states. The sagebrushto-woodland threshold is crossed where abiotic processes
propagate cross-scale soil loss and no longer support
recruitment of the resource attenuating biotic structure
characteristic of sagebrush steppe (Pierson et al., 1994;
Briske et al., 2008). This functional shift is thought to
occur along the succession gradient between Phase II and
Phase III woodlands (Figure 1) after which understory
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cover declines below a structural threshold due to resource
competition with trees (Johnson and Miller, 2006; Miller
et al., 2008). The likelihood of re-establishment of a
sagebrush steppe structural–functional state (reversal of the
ecohydrologic threshold) depends on the degree of
ecohydrologic resilience attained by woodland phase
progression and presence of residual plant species, seed
propagules, and soil properties associated with sagebrush
steppe (Gunderson, 2000; Scheffer and Carpenter, 2003;
Suding et al., 2004; Briske et al., 2006; Petersen et al.,
2009). The late-succession woodland state has inherently
high ecohydrologic resilience with respect to the sagebrush
steppe state (Briske et al., 2008). Millions of hectares of
diverse sagebrush steppe in the western USA remain at risk
to displacement by woodland encroachment (Suring et al.,
2005), and researchers, government agencies, and land
managers are actively seeking identiﬁcation of early
warning signs for threshold exceedance and restoration
pathways to reverse woodland encroachment resilience and
trajectories (Scheffer et al., 2001; Suding et al., 2004;
Briske et al., 2005, 2006, 2008; McIver et al., 2010). Early
warning signs of ecohydrologic thresholds for resourcedegrading sagebrush-to-woodland conversions likely vary
substantially across the diverse domain in which pinyon
and juniper species have encroached (Davenport et al.,
1998; Miller et al., 2005, 2008; Romme et al., 2009) and
are not well established (although see Pyke et al., 2002;
Kachergis et al., 2011; Sheley et al., 2011). Restoration
pathways are trajectories toward re-establishment of prethreshold states triggered by disturbance or management
actions and are assessed through indicators of re-emerging
structure–functional attributes of the pre-threshold state
(Briske et al., 2008). For many ecosystems, recovery from
a degraded to a more desired ecological state exhibits a
gradual trajectory through intermediate re-enforcing
structure–function shifts, commonly referred to as hysteresis (Scheffer et al., 2001; Scheffer and Carpenter, 2003;
Suding et al., 2004; Briske et al., 2008).
The recent and projected upsurge in extensive, severe
wildﬁre across the Great Basin woodlands domain and the
use of prescribed ﬁre for encroachment control summon the
question of whether ﬁre may act as an ecohydrologic
threshold-reversal or hysteresis mechanism to reduce
woodland ecohydrologic resilience (Scheffer et al., 2001;
Suding et al., 2004; Briske et al., 2008). Prescribed burning
is commonly used in the Great Basin to control pinyon and
juniper establishment in the early stages of encroachment
(Miller et al., 2005; Rau et al., 2008; McIver et al., 2010;
Bates et al., 2011; Davies et al., 2011), but the efﬁcacy of
wild and prescribed ﬁre to reduce late-succession woodland
ecohydrologic resilience has not been evaluated.
Favourable recruitment of herbaceous cover necessary to
enhance inﬁltration and protect surface soils has been
documented following burning on woodland-encroached
and intact sagebrush steppe (Pierson et al., 2008a; Sheley
and Bates, 2008; Bates and Svejcar, 2009; Pierson et al.,
2009; Bates et al., 2011), but post-ﬁre vegetation and
hydrologic responses likely vary across the diverse
conditions in which encroachment woodlands exist. In this
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study, we evaluate ﬁre as an ecohydrologic threshold-reversal
mechanism to break the soil erosion feedback on a sagebrush
steppe rangeland in late Phase II to early Phase III juniper
encroachment. Our focus is on the fundamental switch
necessary, a ﬁre-induced structural shift in the plant
community and an ensuing functional shift in the dominant
runoff and erosion processes with post-ﬁre vegetation
recovery. The switch represents a reversal of abiotic-controlled
soil erosion for the woodland state to biotic-controlled soil
retention indicative of progression to the sagebrush steppe
structural–functional state. We use a combination of vegetation and soil measures, rainfall simulation, and concentrated
ﬂow experiments across multiple spatial scales on burned and
unburned areas to address three primary research questions:
(i) Are there key vegetation and/or soil structural indicators
that a former sagebrush community is approaching or has
crossed an ecohydrological threshold from biotic to abiotic
controls on soil erosion? (ii) Can ﬁre decrease late-succession
woodland ecohydrologic resilience by increasing vegetation
and ground cover within the ﬁrst two growing seasons after
ﬁre? and (iii) Is the soil erosion feedback reversible by burning
in the later stages of woodland encroachment?

METHODS
Study area
Experiments were performed on burned and unburned areas
of western juniper (J. occidentalis Hook.) encroached
sagebrush steppe at the Castlehead study site of the Sagebrush
Steppe Treatment Evaluation Project (SageSTEP, McIver
et al., 2010). The SageSTEP study is aimed at evaluating the
ecological impacts of invasive plants, woodland encroachment, and sagebrush restoration treatments in the Great Basin.
The Castlehead study site (lat 42 260 5000 , 116 460 3900 long) is
located on the Owyhee Plateau in southwestern Idaho, USA,
approximately 200 km southwest of Boise, Idaho. A detailed
description of the site topography, climate, soils, and
vegetation is provided in Table I. Precipitation during the
study period (July 2007–July 2009) was 90–100% of normal
based on data from meteorological stations at similar
elevations and aspects in the nearby Reynolds Creek
Experimental Watershed (NWRC, 2012). Mean annual soil
temperature and moisture regimes at Castlehead are frigid
(<8  C) and xeric (>305 mm annual precipitation). Precipitation occurs primarily as snowfall during the winter with
most of the remaining falling in frontal rainfall events during
spring and autumn. Summers are hot and dry with occasional
high-intensity convective rainfall events. The site is vegetated
by a western juniper overstory and a degraded sagebrush
steppe understory (Table I). Western juniper encroachment of
sagebrush steppe in the area began around 1860 (Johnson and
Miller, 2006; Miller et al., 2008). The Castlehead site
was established in 2005 for the SageSTEP study, and
ﬁeld reconnaissance for experiments was conducted in
summer 2006. Portions of the site subsequently burned in
the 18 890-ha Tongue Complex wildﬁre in July of 2007. Live
canopy and surface litter cover were completely consumed in
burned areas leaving a residual cover of ash and charred,

standing dead trees, and shrub skeletons. Burned and
unburned experimental areas were selected immediately
post-ﬁre and were located within 300 m of one another on
the same elevation, aspect, prevailing slope angle, and
mapped soil type. Field reconnaissance prior to the ﬁre
observed consistent vegetation characteristics across the
study area with exception of greater tree density (Table I) in
areas subsequently burned.
Experimental design
Experimental plots were established to characterize vegetation and the ground surface over ﬁne to hillslope scales and to
quantify vegetation and soil effects on cross-scale runoff and
erosion. Three 30 m  33 m site characterization plots were
randomly located and sampled for vegetation and ground
cover within burned and unburned areas 1 year (Year 1, June
2008) and 2 years (Year 2, June 2009) following the Tongue
Complex Fire. Site characterization plots were used to
estimate vegetation and ground cover at the hillslope-scale
and to determine the phase of western juniper encroachment.
Small-plot (07 m  07 m, 178% mean slope, Figure 2(a))
rainfall simulation experiments were used to quantify ﬁnescale vegetation and soil effects on runoff and erosion from
splash-sheet processes (Pierson et al., 2010). Small plots were
stratiﬁed to occur either on juniper or shrub coppices (areas
inﬂuenced by tree or shrub canopies), or in the interspaces
between tree and shrub canopies. Stratiﬁcation was intended
to partition microsite cover/soil differences and respective
runoff and erosion contributions to patch-scale responses
(Pierson et al., 2010). Small plots were randomly selected and
installed for each microsite in burned and unburned areas in
Year 1. All small plots were left in place for subsequent
sampling in Year 2. The number of small plots sampled on
each microsite and treatment combination in Years 1 and 2 is
shown in Table II. Large rainfall simulation plots (2 m
wide  65 m long, 168% mean slope, Figure 2(b)) were
installed in pairs and used to quantify vegetation and soil
effects on runoff and erosion from splash-sheet and
concentrated ﬂow processes occurring at the patch scale
(Pierson et al., 2010). Large plots were randomly selected and
installed within shrub-interspace zones (intercanopy area
outside of tree canopy inﬂuence) between trees and within
tree zones (areas underneath and immediately adjacent to tree
canopies). Shrub-interspace zones contained, on average, 7%
shrub coppice and 93% interspace area. Tree zones averaged
81% tree coppice, 18% interspace, and 1% shrub coppice
area. Six large plots were installed and sampled in burned and
unburned shrub-interspace and tree zones in Year 1. Large
plots were not sampled in Year 2. Concentrated ﬂow
experiments (2 m wide  45 m long, 170% mean slope,
Figure 2(c)) were conducted on each large rainfall plot
immediately following rainfall simulations in Year 1 and as
independent (without large-plot simulations) experiments in
Year 2. Concentrated ﬂow experiments were used to evaluate
the effects of vegetation and surface soil conditions on erosion
from concentrated overland ﬂow or rills (Pierson et al., 2007,
2010; Al-Hamdan et al., 2012a, 2012b, 2012c). Six
concentrated ﬂow plots were sampled on burned and
unburned shrub-interspace and tree zones in Years 1 and 2.
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Table I. Topographic, climatic, soil, and vegetation and ground cover (30 m  33 m site characterization plots) features of the
Castlehead study site (lat 42 260 5000 , long 116 460 3900 ) in southwestern Idaho, USA.
Site characteristics
Woodland community
Elevation (m)
Slope (%)
Mean annual precipitation (mm)
Mean annual air temperature ( C)
Parent rock
Soil association
Soil proﬁle texture
Depth to bedrock (m)
Depth to restrictive layer (m)
Common pre-ﬁre understory plants

Western juniper (Juniperus occidentalis Hook.)
1750
10–25
328 (159 cold season; 80 warm season)a
65 (16 cold season; 161 warm season)a
Basalt and welded tuffb
Mulshoe-Squawcreek-Gaibb
Stony sandy loam to clay loamb
05–10b
02–08b
Artemisia tridentata Nutt. ssp. vaseyana (Rydb.)
Beetle; Artemisia tridentata Nutt. ssp. wyomingensis
Beetle & Young; Poa secunda J. Presl; Festuca
idahoensis Elmer; and various forbs
Year 1 unburned (n = 3)

Overstory tree cover
Live tree canopy cover (%)c
Tree stems per hectarec
Mean tree height (m)c
Understory canopy (foliar) and ground cover
Live shrubs per hectare
Dead shrubs per hectare
Total canopy cover (%)d
Total herbaceous canopy cover (%)e
Shrub canopy cover (%)
Grass canopy cover (%)
Live juvenile tree canopy cover (%)f
Litter cover (%)
Rock cover (%)
Total ground cover (%)g
Ash cover (%)
Bare soil (%)

Year 1 burned (n = 3)

Year 2 burned (n = 3)

26 a
168 a
48 a

0b
299 b
39 a

–
–
–

2074 b
1000
532 c
239 b
62 a
173 a
176 a
532 b
80 a
662 a
00 a
338 a

00 a
–
150 a
100 a
00 a
47 a
39 a
231 a
249 b
655 a
167 b
345 a

556 a
–
402 b
399 c
01 a
170 a
02 a
201 a
556 c
773 a
00 a
227 a

Means within a row followed by a different lower case letter are signiﬁcantly different (P < 005).
a
Prism Group (2011); cold season is November–March; warm season is June–September.
b
NRCS (2007).
c
Live (unburned) and dead (burned) trees ≥1.0-m height.
d
Excludes trees 1.0-m height.
e
Grass and forb canopy cover.
f
Western juniper <1.0-m height.
g
Includes ash, cryptogram, litter, live and dead basal plant, rock, and woody dead cover.

Plot installation methods were as described by Pierson et al.
(2010) with exception of Year 2 concentrated ﬂow plots.
Plot borders were not required on Year 2 concentrated ﬂow
plots given large-plot rainfall simulations were omitted that
year. Therefore, collection troughs (Figure 2(d)) in Year 2
were installed in a ‘V’ pattern as in Year 1 but without
adjoining plot borders. Juniper trees were trimmed or
removed from rainfall simulation and concentrated ﬂow
plots immediately preceding experiments to minimize
canopy interference with rainfall and plot sampling (Pierson
et al., 2010). Shrubs were retained on plots but were
trimmed along plot boundaries to prevent stemﬂow from
exiting or entering the plot.
Site characterization
Hillslope-scale tree crown cover, understory canopy and
ground cover, and tree and shrub densities were derived from
measurements on the 30 m  33 m site characterization plots.

Tree cover and tree and shrub densities were measured during
Year 1 only. Tree height and maximum and minimum crown
diameters were measured for every live tree exceeding 05 m
within each plot. The live crown radius for each measured tree
was calculated as the average of minimum and maximum
crown radii. Crown cover of each live tree was calculated with
the respective crown radius, assuming crown area equivalent
to the area of a circle. The number of trees greater than 05-m
height was also recorded for each plot. The number of live and
dead shrubs greater than 05 m height was counted along three
2 m  30 m belt transects, spaced 6 m apart, within each
30 m  33 m plot, and were used to determine respective
densities. Canopy (foliar) and ground (basal plant, cryptograms, litter, rock, woody dead, and bare soil) cover were
measured on each plot in Years 1 and 2 using the line-point
intercept method along ﬁve 30-m transects installed 5–8 m
apart and perpendicular to hillslope contour (Herrick et al.,
2005). Plot canopy and ground cover were recorded at
60 points with 50-cm spacing along each of the ﬁve transects
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Figure 2. Illustration showing a small rainfall simulation plot (0.5 m2) on an unburned shrub coppice surrounded by interspace (a), paired large rainfall
simulation plots (13 m2 each) on the burned treatment (b), concentrated ﬂow release in an unburned tree zone (c), and paired large rainfall and
concentrated ﬂow plot layout and design (d). Figure is modiﬁed from Pierson et al., 2010.

for a total of 300 sample points per plot. Percentage cover for
each cover type was derived for each plot as the frequency of
hits divided by the total number of points (300) sampled.
Mean tree, shrub, and cover variables for burned and
unburned areas were estimated as the average of measurements from the 30 m  33 m plots in the respective treatment
and were used to determine the phase of juniper encroachment at the site on the basis of the criteria from Miller et al.
(2005, 2008) and Johnson and Miller (2006).
Small-plot scale
Canopy cover, ground cover, and surface roughness on
small plots were measured using point-frame methodologies (Pierson et al., 2010). Canopy and ground cover for
each plot were recorded at 15 points with 5-cm spacing
along each of seven evenly spaced transects (10 cm apart
and parallel to hillslope contour) for a total of 105 points
per plot. Percentage cover for each cover type was derived
from the frequency of hits divided by the total number of
points sampled within the plot. Surface roughness, a
measure of potential surface-water detainment, was also
assessed on each small plot using the point-frame transects.
The relative ground surface height at each sample point
along transects was calculated as the distance between the
point-frame level line and the ground surface at the
respective point. Plot soil surface roughness was estimated

as the arithmetic average of the standard deviations of the
ground surface heights for each of the seven transects
sampled. The depth of surface litter was measured to the
nearest 1 mm adjacent to each small plot at four evenly
spaced points along each of the two plot borders oriented
perpendicular to the hillslope contour.
Surface soil samples from 0- to 2-cm depth were obtained
from randomly selected juniper coppice, shrub coppice, and
interspace microsites and were analysed for soil texture
using a Saturn DigiSizer Particle Size Analyzer (Micromeritics Instrument Corporation). Additional soil samples
were obtained for 0- to 5-cm depth on small-plot microsites
and were analysed gravimetrically for soil water content.
Bulk density was measured at 0- to 5-cm soil depth at
random locations across the site using the compliant cavity
method (Grossman and Pringle, 1987). The detachment
resistance of surface soil particles was evaluated on all small
rainfall plots using an aggregate stability test described by
Herrick et al. (2001, 2005). Six soil peds or aggregates
approximately 2- to 3-mm thick and 6–8 mm in diameter
were excavated from the soil surface immediately adjacent
to each small plot and were subjected to the stability test.
Each ped sample was assigned to a stability class deﬁned by
Herrick et al. (2001, 2005), as indicated in Table II.
Soil water repellency was assessed immediately adjacent
to each small plot, before rainfall simulation, using the
water drop penetration time (WDPT) method (DeBano,
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8a
5b
46 a
37 a
00 a
00 a
123 ab
351 c
503 a
497 c
2a
28 b
5

Surface roughness (mm)
Aggregate stability class (0–6)a
Total canopy cover (%)b
Total herbaceous canopy cover (%)c
Shrub canopy cover (%)
Grass canopy cover (%)
Litter cover (%)
Rock cover (%)
Total ground cover (%)d
Bare soil (%)
Litter depth (mm)
Ash (%)
Number of plots

9 ab
3a
205 b
164 b
00 a
22 ab
46 a
347 c
426 a
574 c
4a
16 ab
5

Shrub
Coppice
8a
2a
207 b
186 b
02 a
65 bc
47 a
433 c
507 a
493 c
0a
01 a
10

Interspace
12 bc
5b
170 b
151 ab
01 a
117 cd
976 d
00 a
999 c
01 a
43 b
–
8

Juniper
Coppice
13 c
3a
1171 cd
473 c
660 b
448 e
465 c
155 ab
747 b
253 b
1a
–
8

Shrub
Coppice

Unburned

9 ab
2a
200 b
184 b
00 a
150 d
44 a
423 c
544 a
456 c
0a
–
8

Interspace
9 ab
2a
253 b
175 b
00 a
10 a
103 ab
408 c
515 a
485 c
0a
00 a
5

Juniper
Coppice
11 abc
2a
636 c
320 c
29 a
25 ab
154 b
287 bc
472 a
528 c
0a
00 a
5

Shrub
Coppice

Burned

8a
3a
586 c
328 c
00 a
75 bc
129 b
391 c
547 a
453 c
0a
00 a
10

Interspace

10 abc
6b
60 a
35 a
00 a
35 ab
952 cd
06 a
981 c
19 a
61 c
–
3

Juniper
Coppice

Year 2

14 c
3a
1438 d
454 c
792 b
448 e
613 cd
121 ab
829 b
171 b
1a
–
3

Shrub
Coppice

Unburned

10 abc
3a
231 b
126 ab
00 a
124 cd
48 a
382 c
480 a
520 c
0a
–
4

Interspace

Means within a row followed by a different lower case letter are signiﬁcantly different (P < 005).
a
Stability classes: (0) unstable; 1–3, less than 10% stable aggregates, 50% structural integrity lost within 5 s (1), 5–30 s (2), and 30–300 s (3), respectively; (4) 10–25% stable aggregates; (5) 25–75% stable aggregates;
(6) 75–100% stable aggregates (Herrick et al., 2001, 2005).
b
Excludes tree canopy removed for rainfall simulation.
c
Grass and forb canopy cover.
d
Includes ash, cryptogram, litter, live and dead basal plant, rock, and woody dead cover.

Juniper
Coppice

Site characteristic

Burned

Year 1

Table II. Average topography, soil, and canopy (foliar) and ground cover variables measured on burned and unburned small (05 m2) rainfall simulation plots1 year (Year 1) and 2 years (Year 2) post-ﬁre.
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1981). Eight water drops (approximately 3-cm spacing)
were applied to the mineral soil surface (ash and litter
removed) and the time required for inﬁltration of each drop
was recorded up to 300 s. Following this procedure, 1 cm
of soil was excavated immediately underneath the
previously sampled area, and the WDPT method was
repeated for an additional eight drops. This process was
repeated until a depth of 5 cm was reached. The mean
WDPT at 0, 1, 2, 3, 4, and 5-cm soil depths for each plot
was recorded as the mean of the eight WDPT (s) samples at
the respective depth. The strength of water repellency at
each sampled depth was classiﬁed as ‘slight’ if WDPT
ranged from 5 to 60 s and ‘strong’ if WDPT ranged from
60 to 300 s (Bisdom et al., 1993). Soils were considered
wettable where WDPT < 5 s.
A Meyer and Harmon-type portable oscillating-arm
rainfall simulator, ﬁtted with 80–100 Veejet nozzles, was
used to apply rainfall on each small plot. The simulator
design, raindrop characteristics, and rainfall calibration
methods are described by Meyer and Harmon (1979) and
Pierson et al. (2008a, 2009, 2010). Rainfall was applied to
each small plot at rates of 64 mm h1 under dry (dry run)
and 102 mm h1 under wet (wet run) antecedent soil
moisture conditions. The rates were applied for 45 min each,
separated by a 30-min hiatus between the dry and wet runs.
Mean rainfall applied was 47 mm (n = 59, se = 01 mm) for the
dry run and 75 mm (n = 59, se = 02 mm) for the wet run.
Rainfall application rates were selected to simulate runoff and
erosion generating storm events typical of the study area. The
dry run intensity over 5, 10, and 15-min durations is
equivalent to respective storm return intervals of 4, 8, and
20 years, and the wet-run intensity over the same durations is
equivalent to respective storm return intervals of 14, 33, and
75 years (Hanson and Pierson, 2001).
Hydrologic and erosion response variables were derived
for each small plot rainfall simulation based on timed
runoff samples. Timed samples from small plots were
collected at 1 to 3-min intervals throughout each 45-min
simulation. Runoff volume and sediment concentration
were determined for each sample by weighing the sample
before and after drying at 105  C. A mean runoff rate
(mm h1) was calculated for each sample interval as the
cumulative runoff divided by the interval time. Cumulative
runoff (mm) for 45 min was calculated as the integration of
runoff rates over the total time of runoff. Inﬁltration and
sediment variables were calculated for plots that generated
runoff. An average inﬁltration rate (mm h1) for each
sample interval was derived as the difference between
applied rainfall and measured runoff divided by the sample
interval duration. Cumulative sediment yield (g m2) for
each 45-min simulation was derived as the integrated sum
of sediment collected during runoff and was extrapolated to
a unit area by dividing cumulative sediment by the plot
area. The sediment-to-runoff ratio (g m2 mm1), a variable closely related to soil erodibility, was obtained by
dividing cumulative sediment yield by cumulative runoff.
Soil proﬁle wetting patterns on small plots were
investigated in 50-cm long and 20-cm deep trenches
excavated following dry-run rainfall simulations. A single

trench was excavated for investigation in an undisturbed
area immediately adjacent to each small plot. The percent
wetted area of each exposed soil proﬁle was measured
using a 4-cm2 grid, where each grid area was determined to
be dry or wet on the basis of the dominant condition in the
grid area (Pierson et al., 2008b, 2010). The area wet to 6,
10, and 20-cm depths for each 50-cm long trench was
recorded as the percentage of wetted area from 0- to 6-cm,
0- to 10-cm, and 0- to 20-cm depths.
Large-plot scale
Canopy cover, ground cover, and soil surface roughness on
large rainfall simulation plots were estimated using line-point
intercept procedures modiﬁed from Herrick et al. (2005).
Canopy and ground cover were recorded at 59 points spaced
10 cm apart along each of 5 evenly spaced (40 cm apart,
perpendicular to hillslope contour) transects 6 m in length
(295 total points). Percentage cover by cover type was
derived as described for site characterization line-point plots.
The relative ground surface height along line-point transects
was measured as the distance between the ground surface and
a survey transit level line over the respective sample point.
Soil surface roughness was estimated as the average of the
standard deviations of the ground surface heights across the
ﬁve line-point transects sampled within each plot.
Canopy and basal plant cover gaps on large plots were
estimated using the gap-intercept method along the cover
line-point transects (Herrick et al., 2005). The length of
spatial gaps between plant canopies and bases are indicators
of potential runoff and erosion (Herrick et al., 2005; Pellant
et al., 2005). Plant canopy and basal gaps exceeding 20 cm
were measured along each line-point transect, and the
percentages of canopy and basal gaps representing gap
classes 25–50 cm, 51–100, 101–200, and >200 cm were
determined and averaged across the ﬁve transects to
determine the plot mean for each gap class. Average canopy
and basal gap sizes for each plot were calculated as the mean
of all respective gaps measured on the plot in excess 20 cm.
Paired large rainfall simulations were conducted using a
Colorado State University type rainfall simulator with
14 stationary sprinklers elevated 305 m above the ground
surface (Figure 2(b and d); Holland, 1969). The simulatortype and rainfall characteristics are described by Holland
(1969) and Pierson et al. (2009, 2010). Rainfall rates and
application sequences were consistent with those for small
plots. Total rainfall applied to each large plot was determined
from the average of six plastic depth gages in a uniform grid
(Figure 2(d)). Mean rainfall applied was 47 mm (n = 144,
se = 25 mm) for the dry run and 87 mm (n = 144, se = 50 mm)
for the wet run. Timed runoff samples were collected and
processed in the laboratory as described for small plots.
Runoff from direct rainfall on the collection troughs (i.e.,
trough catch, see Figure 2(d)) was determined by sampling
collection trough runoff before plot-generated runoff
occurred. Large-plot hydrologic and erosion response variables were derived consistent with small plot calculations with
exception of sample runoff deductions for trough catch. Four
soil proﬁle wetting trenches were excavated on each large plot
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(locations shown on Figure 2(d)) immediately following wetrun simulations. The percent area wet to 6, 10, and 20-cm
depths for each large plot was recorded as the average of
the respective values for the four excavated trenches.
Cross-scale runoff and erosion
Differences in runoff and erosion across small to large-plot
scales were evaluated by comparing measured large rainfall
plot runoff and erosion with area-weighted small rainfall
plot data (Pierson et al., 1994). The proportions of shrub
coppice, interspace, and juniper coppice area on each large
plot were determined from the large-plot point-intercept
canopy and ground cover measurements. For unburned
shrub-interspace plots, percent shrub canopy cover was
used as an estimate of the shrub coppice proportional area;
the remaining plot area was considered interspace. For
unburned tree zone plots, the difference in percent litter and
percent shrub canopy cover (litter cover %  shrub canopy %)
was used to estimate proportional juniper coppice area, and
percent shrub cover was used to estimate proportional
shrub coppice area. The proportional interspace area in
unburned tree zones was estimated as the remaining
percentage plot area after deducting, from 100%, the
estimated shrub and tree coppice coverage. The pre-ﬁre
representative areas of interspace and shrub and juniper
coppice could not be determined for burned large plots.
Therefore, mean microsite area estimates from unburned
shrub-interspace and tree zones were used to estimate smallplot microsite coverage within burned shrub-interspace and
tree zones, respectively. Total area and cover for each areaweighted large-plot were 13 m2 and 100% cover. Cumulative
runoff and soil loss for each area-weighted large plot were
obtained by multiplying mean cumulative small-plot runoff
and erosion values for the respective burned or unburned
microsites, by the estimated representative microsite proportional areas and summing the results for the entire plot.
Concentrated ﬂow simulation
Concentration ﬂow simulations were conducted within the
large plots during Year 1. Consequently, Year 1 canopy
cover, ground cover, surface roughness, and canopy and basal
gaps on concentrated ﬂow plots were equivalent to the same
measures on large plots. Cover and gap measures on
concentrated ﬂow plots in Year 2 were obtained using
large-plot methods, but with shorter line-point transects. Nine
line-point transects 46 m in length (20 cm apart) were
sampled on each concentrated ﬂow plot in Year 2. Sampling
was conducted in 20-cm increments along each transect,
yielding 24 sample points per transect and 216 points per plot.
Computer-controlled ﬂow regulators (Pierson et al.,
2008a, 2009, 2010) were used to apply concentrated ﬂow
release rates of 15, 30, and 45 L min1 to each large
rainfall/concentrated plot within 1–2 h after rainfall simulation in Year 1 and on each independent concentrated ﬂow
plot in Year 2. Concentrated ﬂow plots in Year 2 were prewet for 30 min with a gently misting sprinkler to wet-up
surface soils immediately prior to simulations. Pre-wetting
did not generate runoff. Year 2 concentrated plots were
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unconﬁned with respect to width given plot walls were not
present. Each ﬂow release rate was applied to each plot for
12 min from a single location, 4 m upslope of the collection
trough apex (Figure 2(c and 2d)). The release rate sequence
was consecutive from 15 to 45 L min1. The water was
routed through a metal box ﬁlled with Styrofoam pellets
and was released through a 10-cm wide mesh-screened
opening at the base of the box (Figure 2(c)).
Runoff at the plot outlet was collected at approximately
2-min intervals for each 12-min simulation. The collected
samples were processed in the laboratory for runoff and
sediment as explained for small-plot rainfall simulations.
Runoff and sediment yield variables for each release rate
were calculated for an 8-min period beginning at the time
of runoff initiation. The 8-min runoff and sediment
variables were calculated as described for the 45-min
rainfall simulations. In Year 2, the area eroded by the
cumulative 15–45 L min1 releases was measured on each
plot as the incised cross-sectional area of the dominant ﬂow
path 3 m downslope from the ﬂow release point.
Data analysis
All statistical analyses were conducted using SAS
software, version 9.1.3 (SAS Institute Inc., 2007).
Hillslope-scale data collected from site characterization
plots were analysed in a one-way ANOVA with three
treatments levels: burned Year 1, burned Year 2, and
unburned Year 1. Data collected at the small-plot scale
were analysed using a split-plot mixed model with repeated
measures. Compound symmetry covariance structure was
used for small plots given there were only two sample dates
for each treatment (Littell et al., 2006). The whole-plot
(treatment) factor had two levels, burned and unburned, and
the sub-plot factor (microsite) had three levels, juniper
coppice, shrub coppice, and interspace. Sample year (Year 1
and Year 2) was the repeated measure. Large-plot data (Year
1 only) and Year 2 cover data on concentrated ﬂow plots were
analysed using a split-plot mixed model with two treatment
levels, burned and unburned, and two microsite levels, shrubinterspace zone and tree zone. Analyses of all concentrated
ﬂow data were conducted separately for each year given that
methodologies differed between Years 1 and 2. Concentrated
ﬂow runoff and erosion were analysed using a repeated
measures mixed model with two treatment levels, burned and
unburned, and two microsite levels, shrub-interspace zone
and tree zone. Flow release rate was designated as the
repeated measure with three levels: 15, 30, and 45 L min1.
Carryover effects of concentrated ﬂow releases were
accounted for by modelling the covariance structure with an
autoregressive order one model (Littell et al., 2006).
Treatment and microsite were considered ﬁxed effects in all
respective analyses, and plot location was designated a
random effect. Prior to ANOVA, normality and homogeneity
were tested using the Shapiro–Wilk test and Levene’s
test (SAS Institute Inc., 2007), and deviance from normality
was addressed by data transformation. Where necessary,
arcsine-square root transformations were used to normalize
proportion data (e.g., canopy cover and percent wet).
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Logarithmic transformations were used to normalize WDPT,
cumulative sediment, sediment-to-runoff ratio, and sediment
concentration data. Back-transformed results are reported.
Mean separation was conducted using the LSMEANS
procedure with Tukey’s adjustment. Signiﬁcant effects were
determined at the P < 005 level.
RESULTS
Woodland encroachment and site characterization plots
Pre-ﬁre ﬁeld reconnaissance and Year 1 cover measurements
on site characterization plots suggest that woodland
encroachment at Castlehead was in transition from Phase II
to Phase III. Tree density averaged 168–299 stems per hectare
across the site pre-ﬁre, and tree recruitment was active in the
unburned area (Table I). Approximately 20% of trees in
the unburned and 35% of the trees in the burned areas were at
the sapling stage (1–3 m in height) in Year 1. The intercanopy
made up ~74% of the unburned area (Table I). The ground
surface in the unburned area had ~50% litter cover, but
approximately half of the litter cover was underneath the
~26% tree cover. More than 90% of the unburned intercanopy
in Year 1 was interspace, and 60% of the intercanopy was
bare ground (bare soil and rock). The shrub layer in unburned
areas exhibited substantial thinning (~50% was dead, Table I),
and a preponderance of shrub skeletons were observed across
the site pre-ﬁre. Extensive intercanopy bare ground was also
observed during pre-ﬁre ﬁeld reconnaissance in the area
subsequently burned. Intercanopy bare-ground expanse at the
site was indicative of a Phase III woodland, but the residual
shrub cover and active tree recruitment were more typical of
late Phase II encroachment (Miller et al., 2005; Johnson and
Miller, 2006; Miller et al., 2008). The site was therefore
approaching Phase III at the time of this study and has likely
undergone an ecohydrologic shift from biotic to abiotic
controls on soil loss (Davenport et al., 1998).
The Tongue Complex wildﬁre killed all mature trees
and shrubs (Table I) within the study burn boundary and
stimulated intercanopy recruitment of perennial grass and
forb species by Year 2. Herbaceous canopy cover in unburned
areas in Year 1 (24%, Table I) was primarily from 17%
canopy cover of perennial Sandberg’s bluegrass (Poa
secunda J. Presl). The invasive annual cheatgrass was present
in unburned areas but only in trace (<1%) amounts. Total
herbaceous canopy cover was signiﬁcantly less in burned
than unburned areas in Year 1 (Table I) but was similar across
both treatments in Year 2 (~40%). Perennial grasses and forbs
made up more than 80% of the Year 2 herbaceous canopy.
Cheatgrass canopy cover was 5% in the burn in Year 2. Postﬁre recruitment of litter was delayed relative to herbaceous
canopy cover (Table I). Year 2 litter cover in the burn was
20%, mostly from grasses and dead juniper needle fall. Litter
cover in unburned areas was ~50% in Year 2.
Small-plot scale
Tree encroachment at Castlehead has created isolated
patches of well-protected and well-aggregated surface soils
underneath juniper litter and degraded interspace area

within the intercanopy. The ground surface on unburned
juniper coppice plots was nearly 100% covered by 40- to
60-mm deep litter mats that protected and stabilized soil
aggregates (Table II). The organic surface soil underneath
tree canopies was also strongly water-repellent at the 0- to
1-cm soil depth (Figure 3) under unburned conditions. The
ground surface on unburned shrub coppices was well
covered by shrub and grass canopies (70% and 45% cover,
respectively) and litter (55%, Table II). Litter depth on
shrub coppices was thin, however, and aggregate stability
was signiﬁcantly less than under the thick juniper litter
mats (Table II). Water repellency was not detected
underneath the thin litter layer on shrub canopies or in
interspaces. Unburned interspace plots averaged 90% bare
ground and had poorly aggregated surface soils and
minimal litter cover (Table II). The variability in cover
characteristics across unburned microsites resulted in
generally higher measured bulk densities in interspaces
(100 g cm3) than under tree (089 g cm3) and shrub
(077 g cm3) canopies, but the bulk density differences
between unburned microsites were not statistically signiﬁcant (P > 005). Percentage sand was generally lower and

Figure 3. Strength of soil water repellency measured (using water drop
penetration time – WDPT, 300 s maximum) underneath western juniper
(Juniperus occidentalis Hook.) canopies on burned and unburned small
rainfall simulation plots (05 m2) 1 year (Year 1) and 2 years (Year 2) postﬁre. Soils were considered water-repellent when WDPT exceeded 5 s,
slightly water-repellent if WDPT ranged from 5 to 60 s, and strongly
water-repellent if WDPT ranged from 60 to 300 s (Bisdom et al., 1993).
Error bars depict standard error. Means across depths within a treatment
and year combination followed by a different upper case letter are
signiﬁcantly different (P < 005). Means within a soil depth across
treatments and years followed by a different lower case letter are
signiﬁcantly different (P < 005).
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silts higher for unburned interspaces than coppice plots.
Sand, silt, and clay (0- to 2-cm depth) averaged 46%, 49%,
and 5% on unburned interspaces and 66%, 31%, and 3%
on unburned juniper and shrub coppices. Gravimetric soil
moisture content was low (<12%) across all plots at the
time of sampling.
Wildﬁre created uniform bare-ground conditions at the
small-plot scale that persisted until the second growing
season. Bare ground (bare soil, rock, and ash) was uniform
(85–95%) across all burned microsites 1 year after the ﬁre
because of ﬁre consumption of shrub, grass, and litter cover
(Table II). Two years post-ﬁre, herbaceous canopy cover
was greater on burned than unburned interspaces and
juniper coppices and was similar across burned and
unburned shrub coppices (Table II). The increases in
herbaceous canopy from Year 1 to Year 2 were mostly in
the form of perennial forbs, although grass canopy cover
had returned to unburned levels on juniper canopies and in
the interspace. Shrub canopy cover remained nearly absent
in the burn 2 years post-ﬁre. Litter cover was fourfold and
tenfold less on burned than unburned shrub and tree
coppice plots in Year 2 but was threefold greater on burned
interspaces relative to unburned plots (Table II).
Fire effects on surface soils were most pronounced on
juniper plots. Burning induced a shift in the depth of the
most water-repellent layer on juniper coppices (Figure 3).
The strength of soil water repellency was highly variable
on burned juniper plots but generally was strongest 3 cm
below the soil surface post-ﬁre. Fire removal of thick litter
mats underneath trees had no effect on measured aggregate
stability until Year 2 (Table II). The absence of tree litter
cover in Year 2 resulted in similar aggregate stability class
ratings across all burned plots (Table II). Ground surface
roughness was lower on burned than unburned tree and
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shrub coppices in Year 1, but no signiﬁcant differences
were detected for burned versus unburned conditions in
Year 2 (Table II). Fire effects on bulk density were
insigniﬁcant. Bulk density averaged 077, 074, and
109 g cm3 on burned juniper, shrub, and interspace plots,
respectively. Sand, silt, and clay contents were similar
across all burned small plots and averaged 58%, 37%, and
5%. Burned juniper coppices had less sand (60%) and
more silt (36%) than measured on unburned juniper plots
(69% and 28%, respectively). The opposite trend was
measured in interspaces, with higher sand contents and
lower silt contents on burned (55% and 39%) than
unburned (46% and 49%) plots. Burning had no effect
on sand (60%), silt (36%), and clay (4%) contents in
surface soils under shrub canopies.
Woodland encroachment primarily inﬂuenced small-plot
hydrologic processes by limiting surface-water detention
and enhancing runoff generation in degraded interspaces
(Figure 4). Runoff from simulated storms under dry and
wet soil conditions was twofold to ﬁvefold greater from
interspaces than juniper and shrub coppices in the
unburned area (Tables III and IV, Figure 4(a and b)). Bare
ground in interspaces facilitated rapid runoff generation,
and an average of 60% of rainfall applied to interspaces
was converted to runoff. Canopy cover and litter
underneath plants on unburned juniper and shrub coppice
plots intercepted rainfall and promoted inﬁltration/storage
of more than 70% of applied rainfall. Surface soils under
juniper litter were slightly drier than under shrubs and in
interspaces for 0- to 6-cm depth where water-repellent
conditions were measured, but repellency effects on runoff
were mitigated by surface-water detention. Interception and
storage of water in thick juniper mats delayed runoff
generation and facilitated inﬁltration through repellent

Figure 4. Runoff hydrographs (a and b) and sedigraphs (c and d) for small-plot (05 m2) wet-run (102 mm h1, 45 min) rainfall simulations that generated
runoff on burned (Burn) and unburned (Unb) juniper coppice (Jun, Juniperus occidentalis Hook.), shrub coppice (Shr), and interspace (Int) microsites
1 year (Year 1) and 2 years (Year 2) post-ﬁre.
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19 cd
31 a
86 d
331 b
52 a
64 a
72 a
80
5

Juniper
Coppice
5 ab
–
–
–
97 c
87 bc
67 a
40
5

Shrub
Coppice

Burned

12 bc
42 b
43 bc
270 b
100 c
98 c
81 a
80
10

Interspace
8 ab
50 bc
5a
079 a
77 b
80 b
79 a
88
8

Juniper
Coppice
4a
–
–
–
93 c
87 bc
73 a
25
8

Shrub
Coppice

Unburned

20 cd
33 a
16 ab
071 a
98 c
96 c
77 a
88
8

Interspace
22 d
33 a
62 cd
245 b
89 bc
82 bc
74 a
100
5

Juniper
Coppice
5 ab
55 c
14 a
166 ab
99 c
94 c
74 a
80
5

Shrub
Coppice

Burned

12 bc
46 bc
14 a
100 a
99 c
98 c
85 a
90
10

Interspace
9 ab
51 bc
3a
065 a
93 c
95 c
90 a
100
3

Juniper
Coppice

Year 2

6 ab
–
–
–
95 c
91 c
80 a
67
3

Shrub
Coppice

Unburned

27 d
27 a
19 ab
070 a
100 c
91 c
65 a
100
4

Interspace
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44 c
43 a
206 b
397 c
100
5

Cumulative runoff (mm)
Mean inﬁltration rate (mm h1)a
Cumulative sediment (g m2)a
Sediment/runoff (g m2 mm1)a
Percent of plots with runoffb
Number of plots

17 a
72 bc
143 b
461 c
80
5

Shrub
Coppice
38
50
135
297
100
10

bc
ab
b
bc

Interspace
17
77
6
036
100
7

a
c
a
a

Juniper
Coppice

Means within a row followed by a different lower case letter are signiﬁcantly different (P < 005).
a
Means based solely on plots that generated runoff.
b
Not included in statistical analysis.

Juniper
Coppice

Rainfall simulation variable

Burned

Year 1

15 a
69 bc
6a
027 a
63
8

Shrub
Coppice

Unburned

47
38
36
071
100
8

c
a
a
a

Interspace

52 c
34 a
185 b
323 bc
100
5

Juniper
Coppice

23
72
64
177
100
5

ab
bc
a
ab

Shrub
Coppice

Burned

43
45
72
146
100
10

c
a
a
a

Interspace

17
77
10
042
100
3

a
c
a
a

Juniper
Coppice

Year 2

20 a
75 bc
16 a
068 a
100
3

Shrub
Coppice

Unburned

57
27
39
069
100
3

c
a
a
a

Interspace

Table IV. Average runoff, inﬁltration, and sediment response variables for wet-run (102 mm h1, 45 min) small-plot (05 m2) rainfall simulations on burned and unburned areas 1 year (Year 1) and
2 years (Year 2) post-ﬁre.

Means within a row followed by a different lower case letter are signiﬁcantly different (P < 005).
a
Means based solely on plots that generated runoff.
b
Not included in statistical analysis.

Cumulative runoff (mm)
Mean inﬁltration rate (mm h1)a
Cumulative sediment (g m2)a
Sediment/runoff (g m2 mm1)a
Percent wet at 0- to 6-cm depth
Percent wet at 0- to 10-cm depth
Percent wet at 0- to 20-cm depth
Percent of plots with runoffb
Number of plots

Rainfall simulation variable

Year 1

Table III. Average runoff, inﬁltration, sediment, and wetting depth response variables for dry-run (64 mm h1, 45 min) small-plot (05 m2) rainfall simulations on burned and unburned areas 1 year
(Year 1) and 2 years (Year 2) post-ﬁre.
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surface soils via macropores or by-pass ﬂow, as evident by the
wetting trench data (Table III; Meeuwig, 1971; Imeson et al.,
1992; Dekker and Ritsema, 1996, 2000; Madsen et al., 2008;
Pierson et al., 2008b; Doerr et al., 2009; Robinson et al.,
2010; Shakesby, 2011). Sediment-to-runoff ratios from dry
and wet-run simulations were similar and low for all unburned
plots (Tables III and IV). We measured twofold to sixfold more
erosion from interspaces than coppices for dry and wet runs,
but the sediment discharge rates (Figure 4(c and d)) were low
enough that the microsite differences were not signiﬁcant
(Tables III and IV).
The effects of soil water repellency on runoff generation
were exacerbated by burning juniper coppices, but the ﬁre
reduced dry-run runoff from interspace microsites (Tables III
and IV). The removal of protective surface litter from waterrepellent soils on juniper coppice plots inhibited inﬁltration
and ampliﬁed runoff (Figure 4(a and b)). Runoff was
twofold to threefold greater on burned than unburned juniper
coppices 1 and 2 years post-ﬁre (Tables III and IV). The
combined effects of cover removal and strong water
repellency are further evident by the drier soil conditions
over the 0- to 10-cm soil depth on burned juniper coppices
relative to all other plots after dry run simulations in Year 1
(Table III). The ﬁre had no effect on runoff from shrub
coppices (Tables III and IV, Figure 4(a and b)). Burning in
interspaces increased inﬁltration of the lower intensity dry
run in Year 1, and dry-run runoff from burned interspaces in
Year 2 was twofold less than from unburned interspaces
(Table III). Differences in wet-run runoff on burned versus
unburned interspaces were not signiﬁcant. Therefore,
burning improved inﬁltration in interspaces for lower
intensity storms, but burned and unburned interspaces
remained similarly vulnerable to runoff from more extreme
events (Figure 4(a and b)).
Erodibility of surface soils increased following burning
and remained elevated on juniper coppices plots through Year
2 (Figure 4(c and d)). Although measured aggregate stability
remained high on burned juniper coppices in Year 1 (Table II),
the amount of sediment per unit of runoff increased fourfold
and 11-fold on burned versus unburned juniper plots for dry
and wet runs, respectively (Tables III and IV). Year 1 erosion
from burned juniper plots was 15-fold to 35-fold greater than
from unburned juniper coppices (Tables III and IV). Sediment
discharge rates from wet-run simulations in Year 2 remained
elevated for burned conditions on juniper coppices and were
consistent with Year 1 levels (Figure 4(c and d)). Cumulative
erosion on burned shrub and interspace microsites was not
signiﬁcantly different from unburned levels for the dry run.
Erosion from Year 1 wet-run simulations was 25-fold and
fourfold higher from burned than unburned shrub coppice and
interspace microsites, respectively (Table IV). Year 2 erosion
from wet-run simulations on burned shrub and interspace
plots was signiﬁcantly reduced from Year 1 levels and
was not signiﬁcantly different than from unburned conditions.
The small-plot results suggest that juniper coppices
remained highly susceptible to erosion from convective
storms 2 years post-ﬁre and that ﬁre-induced increased
erosion on shrub and interspace plots signiﬁcantly declined
within two growing seasons.
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Large-plot scale
Canopy and ground cover data measured at the large-plot
scale in the unburned area conﬁrm site characterization plot
estimates of extensive, well-connected bare interspace
within the intercanopy. Approximately 90% of the shrubinterspace zone was interspace, and more than 75% of the
interspace was bare soil and rock (Table V). Average
canopy and basal gaps were approximately 100 and
130 cm, respectively, on shrub-interspace plots, and about
half of the basal gaps in shrub-interspace zones exceeded
200 cm (Table V). Canopy and basal gaps were generally
smaller for unburned tree than shrub-interspace zones. The
ground surface within canopy and basal gaps on unburned
tree zones was well protected with 70% cover of litter and
more than 20% canopy cover by grasses and forbs
(Table V). The variation in cover and surface topography
across unburned tree and shrub-interspace zones did not
produce differences in measured surface roughness at the
large-plot scale (Table V).
Burning increased bare-ground exposure across the site in
Year 1, but high herbaceous productivity post-ﬁre reduced
spatial connectivity of the bare patches within the intercanopy.
One year post-ﬁre, bare ground (bare soil, rock, and ash)
averaged 75–90% across all burned plots. Fire removal of
litter resulted in fourfold more bare ground and 76 and 127 cm
longer average canopy and basal gaps in tree zones 1 year
post-ﬁre (Table V). Approximately 70% of Year 1 basal gaps
in burned tree zones exceeded 200 cm. Post-ﬁre herbaceous
productivity (mostly perennial forbs) within the intercanopy
resulted in smaller canopy and basal gaps on burned than
unburned shrub-interspaces in Year 1 (Table V). Herbaceous
canopy cover was 20–30% across burned and unburned areas
in Year 2 (Table V). However, more than 75% of Year 2
herbaceous canopy within unburned shrub-interspace zones
was on shrub coppices, whereas herbaceous canopy cover on
burned shrub-interspaces in Year 2 was well distributed on
shrub and interspace microsites (Table II). Approximately
50% of basal and 30% of canopy gaps in unburned shrubinterspaces in Year 2 exceeded 50 cm; only 2% of canopy and
20% of basal gaps exceeded 50 cm on Year 2 burned shrubinterspaces. The canopy cover and gap data indicate that
burning resulted in more uniform coverage of grasses and
forbs within the intercanopy relative to unburned conditions.
Extensive gaps of bare ground (>70 cm) between plant bases
in burned tree zones persisted through Year 2, but these areas
comprised much less (<30% of total area) of the study
domain than the intercanopy.
The effects of bare, degraded interspace on runoff
generation and erosion at the large-plot scale were
accentuated by the high-intensity wet-run simulation
(Figure 5). Runoff and erosion from the dry-run simulations were generally low for unburned tree and shrubinterspace zones (Table VI). Nearly 100% of the rainfall
applied to tree zone plots during the dry run was either
stored in thick litter mats or inﬁltrated into surface soils.
Dry-run runoff and erosion from unburned interspaces
(Table III) was buffered by shrub coppices and variability
of surface conditions over the larger shrub-interspace scale.
Runoff remained low for wet-run simulations in tree zones,
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209 a
145 a
140 ab
00 a
15 a
264 b
194 a
747 b
253 b
283 b
129 ab
461 b
158 a
701 b
1185 b
2068 c
6

Tree Zone
171 a
319 b
312 c
01 a
84 b
94 a
446 b
608 a
392 c
42 a
79 a
12 a
300 a
110 a
397 a
614 a
6

Shrub-Interspace Zone
234
260
225
08
211
719
111
931
69
00
108
57
244
117
430
802
6

a
ab
bc
a
c
c
a
c
a
a
a
a
a
a
a
ab

Tree Zone
160 a
183 ab
106 a
69 b
81 b
59 a
601 c
716 ab
284 bc
00 a
233 b
347 b
225 a
480 b
978 b
1303 bc
6

Shrub-Interspace Zone

Unburned

Means within a row by year (Year 1 or Year 2) followed by a different lower case letter are signiﬁcantly different (P < 005).
a
Excludes tree canopy removed for rainfall simulation.
b
Grass and forb canopy cover.
c
Includes ash, cryptogram, litter, live and dead basal plant, rock, and woody dead cover.
d
Canopy gaps measured after tree removal for rainfall simulation.

Surface roughness (mm)
Total canopy cover (%)a
Total herbaceous canopy cover (%)b
Shrub canopy cover (%)
Grass canopy cover (%)
Litter cover (%)
Rock cover (%)
Total ground cover (%)c
Bare soil (%)
Ash (%)
Canopy gaps 101–200 cm (%)d
Canopy gaps >200 cm (%)d
Basal gaps 101–200 cm (%)
Basal gaps >200 cm (%)
Average canopy gap (cm)d
Average basal gap (cm)
Number of plots

Site characteristic

Burned

Year 1

143 a
270 a
177 a
00 a
09 a
157 a
293 b
457 a
543 b
–
–
–
–
–
–
–
6

Tree Zone
158 ab
423 a
294 a
01 a
70 a
130 a
341 b
503 a
497 b
–
–
–
–
–
–
–
6

Shrub-Interspace Zone

Burned

213 b
314 a
212 a
11 a
164 b
705 b
122 a
894 b
106 a
–
–
–
–
–
–
–
6

Tree Zone

Year 2

6

191 ab
391 a
209 a
109 b
191 b
208 a
374 b
618 a
382 b
–
–
–
–
–
–

Shrub-Interspace Zone

Unburned

Table V. Average surface roughness, canopy (foliar) and ground cover, and cover gaps measured on burned and unburned large (13 m2) rainfall simulation plots 1 year post-ﬁre (Year 1) and
concentrated ﬂow plots (9 m2) 2 years post-ﬁre (Year 2).
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Figure 5. Runoff hydrographs (a) and sedigraphs (b) for large-plot (13 m2) wet-run (102 mm h1, 45 min) rainfall simulations that generated runoff on
burned (Burn, 1 year post-ﬁre) and unburned (Unb) treatments in tree (Tree, Juniperus occidentalis Hook.) and shrub-interspace (Shr-Int) zones.

but half the wet-run rainfall applied in shrub-interspace
zones exited the plots as runoff (Table VI). The wet-run
intensity overwhelmed sources of surface-water detention
in shrub-interspace zones, and high runoff rates promoted
concentrated ﬂow formation. The wet-run sediment
discharge rate (Figure 5(b)) for shrub-interspaces was two
to four magnitudes higher than measured for unburned
interspaces and shrub coppices at the small-plot scale
(Figure 4(c and d)). We attribute the increased sediment
discharge across spatial scales to an observed shift in the
dominant erosion process from splash-sheet at the ﬁne
scale to concentrated ﬂow at the large-plot scale. Our
results are consistent with other recent Great Basin
woodland studies by the authors and indicate that erosion
from woodland-encroached sagebrush sites increases
exponentially where intercanopy bare ground exceeds
50–60% (Figure 6, Pierson et al., 2010).
Fire effects on runoff and erosion in Year 1 at the largeplot scale were similar to those measured on small plots
and were signiﬁcant for tree zones only. Runoff from
burned tree zones was fourfold to eightfold greater than
from unburned tree zones and was similar to runoff
measured in the shrub-interspace zone (Table VI, Figure 5
(a)). We attribute the high runoff rates from burned tree
zone plots to ﬁre removal of ground cover on strongly
water-repellent soils (Figure 3). Only 60% of the soil
proﬁle over 0- to 6-cm depth was wet within tree zones
following the dry and wet-run simulations (Table VI). Soils
0- to 6-cm deep in shrub-interspace zones and unburned
tree zones were 94% to 98% wet after the rainfall
simulations. The high runoff rates and surface soil exposure
in burned tree zones resulted in 20-fold to 30-fold increases
in erosion relative to unburned tree zones (Table VI). Wetrun sediment discharge from burned tree zones was more
than two orders of magnitude higher than from unburned
tree zones (Figure 5(b)). Burned shrub-interspaces shed 10%
and 50% of applied rainfall as runoff for the dry and wet-run
simulations, respectively, but these values were consistent
with unburned shrub-interspace plots (Table VI). Burning
had no signiﬁcant effect on cumulative soil loss from shrubinterspace zones. We attribute the lack of signiﬁcant ﬁre
effects on wet-run simulations in shrub-interspace zones
to encroachment-induced degraded cover conditions, and

high runoff and erosion rates within the unburned
intercanopy (e.g., Al-Hamdan et al., 2012c).
Cross-scale runoff and erosion
Runoff and erosion measured across ﬁne (small plot) to patch
(large plot) scales in Year 1 demonstrate the effects of
encroachment-induced and ﬁre-induced shifts in the dominate erosion process. Contrasting results were obtained for
runoff versus erosion comparisons of small-plot areaweighted and measured large-plot hydrologic and erosion
responses (Figure 7). Area-weighting juniper coppice, shrub
coppice, and interspace wet-run runoff to the large-plot scale
produced runoff estimates similar to values measured during
wet-run rainfall simulations on tree and shrub-interspace
zones (Figure 7(a)). However, the same approach with
erosion found soil loss increased with increasing plot scale
across burned and unburned conditions (Figure 7(b)). The
increased soil loss across spatial scales without increased
runoff further suggests that concentrated ﬂow was the
dominant erosion process on shrub-interspace and burned
tree zones. Concentrated ﬂow was observed during
rainfall simulations on most burned and unburned
shrub-interspace and burned tree zone plots. Concentrated
ﬂow is a more efﬁcient transport mechanism for rainsplash detached sediment than sheetﬂow and has more
erosive energy for detachment of soil particles within the
ﬂow (Al-Hamdan et al., 2012a, 2012b).
Concentrated ﬂow experiments
Ground cover differences across burned and unburned
conditions 1 year post-ﬁre signiﬁcantly affected runoff
and erosion from simulated overland ﬂow. The combined
15–45 L min1 ﬂow releases generated threefold more
runoff and 15-fold more erosion from degraded unburned
shrub-interspace zones than from tree zones (Table VII).
Litter cover in unburned tree zones captured and stored
overland ﬂow, promoted inﬁltration, and protected the
ground surface from the erosive energy of runoff. Fire
removal of tree litter increased cumulative runoff, and
erosion from 15–45 L min1 releases twofold and tenfold
in Year 1 and resulted in similar concentrated ﬂow runoff
across burned tree zones and all shrub-interspace plots
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43 b
58 a
272 b
688 a
98 b
98 b
97 b
100
6
13 a
106 b
48 a
556 a
94 b
91 b
89 ab
100
6
43 b
58 a
572 bc
1334 b
98 b
98 b
99 b
100
6
Means within a row by run type (dry or wet) followed by a different lower case letter are signiﬁcantly different (P < 005).
a
Means based solely on plots that generated runoff.
b
Not included in statistical analysis.

6a
54 b
36 a
725 ab
–
–
–
100
6
Cumulative runoff (mm)
Mean inﬁltration rate (mm h1)a
Cumulative sediment (g m2)a
Sediment/runoff (g m2 mm1)a
Percent wet at 0- to 6-cm depth
Percent wet at 0- to 10-cm depth
Percent wet at 0- to 20-cm depth
Percent of plots with runoffb
Number of plots

17 b
39 a
280 b
1509 c
–
–
–
100
6

4a
54 b
47 a
1045 bc
–
–
–
100
6

a
c
a
a
2
62
10
488
–
–
–
83
6

50 b
47 a
1083 c
2053 c
60 a
69 a
79 a
100
6

Shrub-Interspace Zone
Shrub-Interspace Zone
Tree Zone
Shrub-Interspace Zone
Rainfall simulation variable

Tree Zone

Unburned
Burned

Tree Zone

Shrub-Interspace Zone

Tree Zone

Unburned
Burned

Wet Run (102 mm h1, 45 min)

C. J. WILLIAMS et al.

Dry Run (64 mm h1, 45 min)

Table VI. Average runoff, inﬁltration, sediment, and wetting depth response variables for large-plot (13 m2) rainfall simulations on burned and unburned plots 1 year post-ﬁre (Year 1).
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(Table VII). Year 1 cumulative erosion from the combined
ﬂow releases was sixfold greater for unburned than burned
shrub-interspace zones because of signiﬁcant differences in
response to the 45 L min1 ﬂow rate (Table VII). Smaller
basal gaps (Table V) and more evenly distributed herbaceous
cover in burned versus unburned shrub-interspaces in Year 1
likely dampened the erosive energy of ﬂow below the
threshold required to detach and entrain the remaining
sediment supply during the 45 L min1 releases (Eitel et al.,
2011; Al-Hamdan et al., 2012b, 2012c).
Fire effects on concentrated ﬂow processes persisted in
tree zones in Year 2, but erosion by concentrated ﬂow
releases was reduced on burned versus unburned shrubinterspace zones. Year 2 cumulative runoff and erosion
from the combined concentrated ﬂow releases on burned
tree zones were ﬁvefold and 20-fold greater than from
unburned tree zones and were consistent with the same
measures from unburned shrub-interspaces (Table VII). In
contrast to tree zones, Year 2 sediment concentrations and
cumulative erosion on shrub-interspaces for 30 and 45 L
min1 releases were ﬁvefold to more than 15-fold less
for burned than unburned conditions. Well-distributed
herbaceous cover on burned versus unburned shrubinterspaces in Year 2 likely reduced the detachment and
transport capacity of overland ﬂow. These effects are evident
by the negligible ﬂow path incision on burned shrubinterspaces and the visible ﬂow path incision (~43 cm2
cross-sectional area) on unburned shrub-interspaces
(Figure 8). The concentrated ﬂow simulations clearly indicate
that surface soils in the unburned intercanopy were highly
vulnerable to detachment and entrainment by concentrated
overland ﬂow, that burning ampliﬁed erosion potential within
tree zones, and that recruitment of herbaceous cover in the
intercanopy over two growing seasons post-ﬁre reduced
effectiveness of concentrated ﬂow to detach and transport
sediment (Table VII, Figure 8(b)).

DISCUSSION
Indicators of functional shifts from biotic to abiotic
controls on soil erosion
Site characteristics that promote structural connectivity and
concentrated ﬂow are key indicators that woodlandencroached sagebrush steppe has crossed an ecohydrologic
threshold from biotic to abiotic controls on long-term soil
loss. In this study, ampliﬁed cross-scale erosion (Figure 7
(b)) in an unburned, degraded woodland intercanopy was
driven by the formation of concentrated ﬂow under highintensity rainfall. The primary trigger for concentrated ﬂow
formation in the unburned intercanopy was ﬁne-scale
runoff generation from bare interspaces. Bare interspaces
generated rapid runoff from high-intensity rainfall (Figure 4
(a and b)) but exhibited low sediment-to-runoff ratios
(Table IV). Increased sediment discharge at the large-plot
scale (Figure 5(b)) indicates that the concentration of
intercanopy overland ﬂow increased detachment and
transport capacity. Intercanopy erosion at the large-plot
scale was eightfold greater than measured at the small-plot
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Figure 6. Cumulative sediment yield versus percent bare soil and rock for
wet-run (102 mm h1, 45 min) rainfall simulations on unburned (Unb) tree
(Tree, Juniperus occidentalis Hook.) and shrub-interspace (Shr-Int) zones at
the Castlehead site (this study) and in unburned areas at sites studied by
Pierson et al. (2010). Rainfall simulation methodologies by Pierson et al.
(2010) were identical to this study (13-m2 plots, 102 mm h1, 45-min
simulations) and were conducted on unburned areas of a singleleaf pinyonUtah juniper (Pinus monophylla Torr. & Frém – J. osteosperma [Torr.]
Little) woodland and a Utah juniper woodland within the Great Basin, USA.

Figure 7. Large plot (13 m2) measured and microsite area-weighted
cumulative runoff (a) and sediment yield (b) for wet-run rainfall simulations
(102 mm h1, 45 min) on burned and unburned tree (Tree, Juniperus
occidentalis Hook.) and shrub-interspace (Shrub–Int) zones at the Castlehead
study site. Area-weighted large-plot runoff and erosion were determined by
area-weighting burned and unburned juniper coppice, shrub coppice, and
interspace small-plot runoff and erosion rates into 13-m2 plots based on
respective microsite area measured in unburned tree and shrub-interspace
zones. Error bars represent standard error.

scale (Figure 7(b)). Concentrated ﬂow simulations within
the unburned intercanopy generated substantial soil erosion
(Table VII) and ﬂow path incision (Figure 8(a)). The
concentration of interspace runoff within the intercanopy
was facilitated by the structural connectivity of bare
ground. More than 70% of the unburned area in this study
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was intercanopy with extensive bare gaps between plant
bases (Table V). Pierson et al. (2010) also measured
ampliﬁed cross-scale erosion from unburned Great Basin
woodlands using similar rainfall simulation experiments as
this study. They recorded linear increases in erosion with
increasing intercanopy runoff and attributed increased
cross-scale erosion to concentrated ﬂow formation within
the bare intercanopy. In another western juniper study,
Pierson et al. (2007) attributed high levels of erosion
(sediment-to-runoff ratio = 87 g m2 mm1) from rainfall
simulation plots (55 mm h1, 60 min, 325 m2 plots) to
concentration of ﬂow over well-connected bare patches
(80% bare ground) in the intercanopy. Numerous other
woodland studies from the northwestern and southwestern
USA have found bare intercanopy to be the source of
woodland runoff and erosion from the ﬁne scale to patch
scale (Wilcox, 1994; Wilcox et al., 1996a, 1996b;
Davenport et al., 1998; Reid et al., 1999; Hastings et al.,
2003; Wilcox et al., 2003; Petersen et al., 2009).
Collectively, this study and those cited previously
implicate formation of concentrated ﬂow over patch to
hillslope scales as the primary driver of a biotic-to-abiotic
shift in the dominant control on long-term soil loss.
Erosion and cover data in this study (Figure 6) and other
studies (Pierson et al., 2007; Petersen and Stringham, 2008;
Pierson et al., 2010) suggest that intercanopy bare ground
(bare soil and rock) in excess of 45% may serve as an early
warning sign of progressing structural connectivity and
erosion vulnerability following woodland encroachment.
Intercanopy erosion from high-intensity rainfall in this study
and that of Pierson et al. (2010) increased exponentially
where well-connected (>100 cm basal gaps) intercanopy bare
ground exceeded 50–60% (Figure 6). Aggregate stability in
the intercanopies at the study sites of Pierson et al. (2010) and
in this study (Table II) was poor. Ampliﬁed cross-scale
erosion from degraded intercanopies was documented in both
studies and is a functional indicator that an erosion threshold
had been crossed (Davenport et al., 1998; Wilcox et al.,
2003). Functional indicators typically lag behind structural
indicators of increased vulnerability (Briske et al., 2005).
Therefore, post-encroachment understory decline within the
intercanopy that results in less than 55% ground cover by
litter, organic debris, cryptograms, and vegetation (basal
cover) is a warning sign of imminent hydrologic and erosion
vulnerability in woodland-encroached sagebrush steppe. In
the Great Basin, this likely occurs in mid-Phase II when tree
canopy cover exceeds 15% and intercanopy sagebrush and
total canopy cover decrease below 20% and 50%, respectively, 60–70 years following initial woodland encroachment
(Miller et al., 2000, 2005; Petersen et al., 2009). Our
suggested bare-ground threshold for preventing ampliﬁed
cross-scale erosion (<50–60% bare ground) is slightly more
conservative than estimates for southwestern US woodlands
(<80–85% bare ground; Davenport et al., 1998; Hastings
et al., 2003). However, the concept of a structural
connectivity threshold for preventing formation of erosive
concentrated ﬂow is broadly applicable to drylands with
patchy vegetation (Wilcox et al., 1996b; Cerdà, 1997;
Davenport et al., 1998; Wainwright et al., 2000; Hastings
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15
30
45
15
30
45
15
30
45
15
30
45

Release rate
(L min1)
64 b
196 b
336 b
8b
23 b
40 b
381 a
5236 c
3875 b
5a
31 b
13 bc

Tree Zone
44 b
207 b
323 b
5b
24 b
38 b
239 a
941 b
2218 b
3a
5a
7 ab

Shrub-Interspace
Zone
a
a
a
a
a
a
c

a

3 ac
5a

205 a
1084 a

a

2
56
155
0
7
18

Tree Zone
62 b
193 b
322 b
7b
23 b
38 b
204 a
4772 bc
14597 c
3a
23 a
45 c

Shrub-Interspace
Zone

Unburned

58 b
167 b
300 b
7b
20 b
35 b
1219 b
1509 c
2427 b
19 b
8c
8b

Tree Zone

30 ab
120 b
269 b
4 ab
14 b
32 b
24 a
145 b
263 a
1a
1a
1a

1 abd
2a

b

a
a
a
a
a
a
37 ad
185 a

b

0
11
90
0
1
11

Tree Zone

Year 2

Shrub-Interspace
Zone

Burned

Means within a row by year (Year 1 or Year 2) followed by a different lower case letter are signiﬁcantly different (P < 005, means based on 5 ≤ n ≤ 6 except where noted).
a
One of six plots generated runoff (n = 1).
b
Zero of six plots generated runoff (n = 0).
c
Four of six plots generated runoff (n = 4).
d
Three of six plots generated runoff (n = 3).

Average sediment conc. (g L1)

Cumulative sediment (g)

Average runoff rate (L min1)

Cumulative runoff (L)

Variable

Burned

Year 1

43 ab
154 b
306 b
5 ab
18 b
36 b
79 a
1062 c
4453 b
2a
5 bc
14 b

Shrub-Interspace
Zone

Unburned

Table VII. Runoff and erosion variables for concentrated ﬂow experiments on burned and unburned tree and shrub-interspace zone plots 1 year (Year 1) and 2 years (Year 2) post-ﬁre.
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Figure 8. Photographs of shrub-interspace concentrated ﬂow plots for unburned treatment (a) and burned treatment 2 years post-ﬁre (b) at the Castlehead
site. Differences in the amount and distribution of herbaceous cover across the two treatments are visually apparent. Flow path incision shown for the
unburned condition (a) was generated by consecutive 12-min releases of 15, 30, and 45 L min1 of concentrated ﬂow 45 m upslope of the plot outlet.

et al., 2003; Wilcox et al., 2003; Puigdefábregas, 2005;
Ludwig et al., 2007; Turnbull et al., 2008, 2010a;
Wainwright et al., 2011).
The overall impact of structural thresholds to promote
cross-scale erosion on woodlands is moderated or accentuated by rainfall intensity, and site-speciﬁc soil properties and
topography. Interspace runoff and erosion from low-intensity
(dry run) rainfall in this study (Table III) were attenuated over
the patch scale (Table VI). Intercanopy patch-scale erosion
from the dry-run simulation was minor, likely because of
limited sediment supply from rainsplash detachment at the
ﬁne scale and negligible ﬂow-induced detachment and
entrainment. In contrast, greater interspace runoff from
high-intensity rainfall (wet-run, Table IV) accumulated as
concentrated ﬂow within the bare intercanopy and generated
eightfold more erosion than the dry run (Table VI). Higher
erosion rates for the wet run may have been partially
inﬂuenced by available sediment detached in the preceding
lower intensity rainfall application. However, steady wet-run
sediment discharge rates for unburned plots throughout the
45-min simulations imply a consistent sediment supply
induced by the wet-run intensity (Figure 5(b)). In another
study, Pierson et al. (2010) measured contrasting interspace
erosion responses from wet-run small-plot simulations (same
rainfall rates/duration as this study) at two Great Basin
woodland sites with similar cover attributes as Castlehead.
Interspace erosion from a pinyon–Utah juniper woodland
[P. monophylla – J. osteosperma (Torr.) Little] was consistent
with this study, but erosion from the same simulations at a
Utah juniper woodland generated higher interspace sedimentto-runoff ratios (506 g m2 mm1) and cumulative erosion
(207 g m2) relative to the pinyon–juniper site (116 g m2
mm1 and 52 g m2) and this study (070 g m2 mm1 and
38 g m2, Table IV). The differences in erosion from identical
simulated storms across the three sites were likely due to sitespeciﬁc differences in erodibility (Pierson et al., 2010;
Al-Hamdan et al., 2012c). The effect of erodibility
variations on intercanopy patch-scale erosion from the
three study sites is also evident in sediment-to-runoff
ratios from identical large-plot wet-run simulations in the
Utah juniper (764 g m2 mm1) and pinyon–juniper
(575 g m2 mm1) woodlands (Pierson et al., 2010) and

at Castlehead (688 g m2 mm1). Slope angle was similar
enough (14–23%) across all plots in this and the studies of
Pierson et al. (2010) that slope angle effect on concentrated
ﬂow was not evident. However, a recent study of concentrated ﬂow experimental data (n = 756) derived a multiple
logistic regression equation to predict the likelihood of
concentrated ﬂow formation on sloping (6–66% slopes)
rangelands and determined that the primary predictive
variables were slope angle, percentage bare soil, and ﬂow
discharge per unit width (Al-Hamdan et al., 2012b). The
predictive capability of these variables is consistent with our
analysis that concentrated ﬂow forms in woodlands where
extensive, well-connected bare ground promotes runoff
generation and suggests that concentrated ﬂow processes
are accentuated by hillslope angle.
The effects of rainfall characteristics, soil erodibility,
and topography on erosion have also been well documented for pinyon–juniper woodlands [P. edulis Englem. –
J. monosperma (Engelm.) Sarg.] in the southwestern USA
(Wilcox, 1994; Wilcox et al., 1996a, 1996b; Davenport
et al., 1998; Reid et al., 1999; Hastings et al., 2003; Wilcox
et al., 2003). Davenport et al. (1998) suggested that
climate, geomorphology, and soil erodibility deﬁne
woodland soil erosion potential and that the interaction of
cover attributes with soil erosion potential moderate actual
soil loss. This premise was based in part on contrasting
erosion rates measured under natural rainfall at hillslope
to catchment scales on two pinyon–juniper woodlands
within 6 km of one another in New Mexico, USA (Wilcox,
1994; Wilcox et al., 1996a, 1996b). The erosion rate from a
rapidly eroding site was estimated at 9 Mg ha1 y1
(Wilcox et al., 1996b; Davenport et al., 1998), whereas
erosion from a more hydrologically stable site was
approximately 0025–010 Mg ha1 y1 (Wilcox et al.,
1996a, Davenport et al., 1998). Davenport et al. (1998)
attributed the site differences in erosion to steeper/longer
slopes, higher soil erodibility, and lower ground cover on
the rapidly eroding site. Davenport et al. (1998) further
suggested that the rapidly eroding site had approached a
structural cover threshold where small increases in bare
ground generated substantial increases in erosion because
of site-speciﬁc soil erosion potential and that woodlands
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with low soil erosion potential may accommodate subtle
cover declines to some degree. Field studies of the sites
described by Davenport et al. (1998) found that runoff and
erosion from the stable and the rapidly eroding sites were
highest during high-intensity, convective storms (Wilcox,
1994; Wilcox et al., 1996b). An additional study at the
more stable woodland found that differences in runoff and
erosion between intercanopy and canopy patches were
accentuated by high-intensity convective storms and that
nearly all of the erosion from the site was delivered from bare
patches in the intercanopy (Reid et al., 1999). Hastings et al.
(2003) reported that the erosivity of rainfall was the best
single variable for predicting hillslope-scale measured
sediment yield from another rapidly eroding pinyon–juniper
woodland in New Mexico. Findings in this study are
consistent with studies discussed previously (Wilcox, 1994;
Wilcox et al., 1996a, 1996b; Davenport et al., 1998; Reid
et al., 1999; Hastings et al., 2003) in suggesting that structural
connectivity interacts with rainfall intensity and soil
erodibility to deﬁne storm erosion rates.
Fire as hysteresis mechanism to decrease woodland
ecohydrologic resilience
First year hydrologic responses to severe burning of latesuccession woodlands may initiate a hysteretic reduction
(Scheffer et al., 2001; Scheffer and Carpenter, 2003;
Suding et al., 2004; Briske et al., 2008; Turnbull et al.,
2008, 2012) of woodland ecohydrologic resilience. The
structural connectivity and functional (runoff and erosion
processes) connectivity of intercanopy bare ground in
Great Basin Phase II to Phase III woodlands develop over a
period of 70–80 years or more (Miller et al., 2005; Johnson
and Miller, 2006; Miller et al., 2008). The time required for
reversal of Phase II to Phase III woodland structure–
function to that of sagebrush steppe is generally unknown,
but interim reduced runoff and erosion through understory
cover recruitment may accentuate the reversal process
(Bates et al., 2000, 2002, 2005; Miller et al., 2005; Pierson
et al., 2007; Bates and Svejcar, 2009; Bates et al., 2009).
This hysteresis effect or gradual reversal requires a trigger
(i.e., tree removal) to reduce the competition between trees
and understory cover and to invoke a positive feedback
switch for reduction of woodland ecohydrologic resilience
(Briske et al., 2006, 2008). Wildﬁre in this study caused
tree removal and altered runoff and erosion processes. The
ﬁrst year effect was an increase in runoff and erosion across
uniform bare ground that was most evident in the waterrepellent tree zone (Tables IV and VI; Figures 5 and 8).
The dominant erosion process at the patch scale on burned
plots was concentrated ﬂow. Simulated concentrated ﬂow
on burned plots produced similar runoff to the degraded
shrub-interspace zones (Table VII). Erosion from concentrated ﬂow simulations was ampliﬁed in tree zones
(Table VII) but was slightly lower for burned than
unburned shrub-interspaces because of forb cover recruitment (Table V). The Year 1 ﬁre effects seem negative
(tending to sustain site degradation) in the sense of water
and soil retention but may act to redistribute resources

across the site in lower intensity rainfall events. Ravi et al.
(2007, 2009, 2010) found that burning of shrub-encroached
grasslands in the southwestern USA enhanced wind
erosion processes from water-repellent soils on shrub
coppices and had only minor effects on interspace erosion.
The enhanced erosion from shrub mounds redistributed
accumulated soil resources to interspaces. The ﬁre-induced
resource transfers created a more homogeneous distribution
of nutrients across the landscape, potentially initiating
reversal (positive feedback) of the shrub encroachment
process. Davies et al. (2009) found that burning of a Great
Basin sagebrush rangeland reduced resource heterogeneity
between shrubs and interspaces but did not entirely
eliminate the resource island effect. In this study, juniper
coppices and tree zones were hydrologically stable
components of the landscape pre-ﬁre and generated very
minor soil loss (Figures 4 and 5). Fire-induced reversal of
these attributes (Tables IV and VI) likely resulted in transfer
of water and nutrient-enriched soils (Blank et al., 1994,
DeBano et al., 1998; Blank et al., 2003; Rau et al., 2007)
throughout the intercanopy by splash-sheet processes in
low-intensity storms and may have contributed to post-ﬁre
intercanopy plant recruitment.
The hysteretic effect of burning on woodland ecohydrologic resilience in this study is most evident in vegetation and
hydrologic responses in the second year post-ﬁre. Two years
post-ﬁre, herbaceous canopy cover in burned shrubinterspace zones was more uniform than in unburned shrubinterspace zones (Figure 8). The more uniform distribution
was due primarily to forb recruitment in burned interspaces
(Table II). Bare ground remained greater than 80% in the
burned intercanopy, but gaps between basal plant cover were
signiﬁcantly reduced (80% were <50 cm). Forb recruitment
in the second year post-ﬁre improved interspace inﬁltration of
the lower intensity dry-run rainfall simulation (Table III) and
signiﬁcantly reduced erosion (more than tenfold) from
concentrated ﬂow releases (Table VII). Incision of concentrated ﬂow on burned shrub-interspaces was negligible,
whereas ﬂow path incision on unburned shrub-interspace
plots exceeded 40 cm2. The more uniform basal plant cover
by forbs on burned versus unburned shrub-interspaces may
have reduced shear stress applied to the soil, thereby reducing
ﬂow path incision and soil erosion (Al-Hamdan et al., 2012b).
Improved interspace inﬁltration of the low-intensity storm
and decreased erosion on concentrated ﬂow plots suggest that
the intercanopy hydrologic and erosion vulnerability were
reduced at least for lower intensity (less than wet-run
intensity) storms with limited concentrated ﬂow. Tree zones
remained vulnerable to erosion from low and high-intensity
storms 2 years post-ﬁre, but they represent <30% of the total
land area at Castlehead. The improvements in inﬁltration and
surface protection against erosion (relative to unburned
conditions) across the remaining 70% or more of the burned
area suggest that ﬁre reduced the ecohydrologic resilience of
woodland encroachment at Castlehead. Studies from intact
mountain big sagebrush sites indicate that the relative
hydrologic and erosion recovery periods following burning
of sites in soil moisture/temperature regimes like Castlehead
are 1 and 2–3 years, respectively (Pierson et al., 2008a,
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2008b, 2009). The rapid intercanopy recovery and improved
hydrologic and erosion attributes relative to unburned
conditions suggest that further reductions in runoff and
soil loss at the site are likely with successful recruitment
of herbaceous cover 3 and 4 years post-ﬁre and shrub
cover 20–40 years post-ﬁre (Barney and Frischknecht,
1974; Bates et al., 2005; Bates and Svejcar, 2009; Bates
et al., 2009, 2011).
The delay in herbaceous recruitment on burned tree
coppices relative to burned shrub and interspace plots
(Table II) may be due in part to persistent soil water
repellency (Figure 3; Madsen et al., 2011) and ﬁre-induced
mortality of limited seed sources (Allen et al., 2008).
Madsen et al. (2011) investigated soil water repellency and
its inﬂuence on inﬁltration, soil water content, and plant
recruitment in a recently burned (within 1 and 2 years postﬁre) pinyon–juniper woodland (P. monophylla –
J. osteosperma) in the central Great Basin. The study
found soil water repellency to be consistently strong on
burned tree coppices during winter-wet (6 months post-ﬁre)
and summer-dry (1 and 2 years post-ﬁre) periods. The
study also found that inﬁltration, soil water content, and
understory cover were highly correlated with the strength
of repellency and that plant recruitment on burned tree
coppices was limited by repellency-induced moisture
deﬁcits in surface soils (Madsen et al., 2011). Soil moisture
contents were low (<12%) across all microsites in this
study because of the seasonally dry conditions at the time
of sampling, and therefore, repellency effects on soil
moisture could not be detected. However, wetting trench
data (Table III) and runoff rates (Figure 4(a and b)) on
burned juniper coppices both imply persistent repellencyaffected inﬁltration. We therefore partially attribute the
delay in herbaceous recruitment on burned juniper
coppices to repellency effects as observed by Madsen
et al. (2011). Herbaceous recruitment on burned juniper
plots may also have been limited by ﬁre-induced plant and/
or seed mortality (Allen et al., 2008; Sheley and Bates,
2008; Bates et al., 2011). We did not measure burn
temperatures during the wildﬁre, but burn temperatures are
typically greater under tree and shrub canopies than in
interspaces (Rau et al., 2007; Bates et al., 2011). Grass
cover recruitment on burned shrub coppices was also
delayed relative to unburned conditions, but total herbaceous cover was consistent with recruitment in interspaces
(Table II). Therefore, burning may have caused mortality
of some herbaceous plants and seed sources on both tree and
shrub coppice plots, but the greater delay in herbaceous
response on burned tree plots likely resulted from combined
effects of soil water repellency, burn temperatures, and
limited pre-ﬁre herbaceous cover.
The efﬁcacy of wildﬁre to reduce woodland ecohydrologic
resilience may require additional restoration efforts where
cheatgrass dominates the post-ﬁre environment and/or
intercanopy recruitment of perennial plants is poor. Post-ﬁre
dominance by cheatgrass is likely to increase ﬁre frequency
(Knapp, 1996; Brooks et al., 2004; Miller et al., 2011) and
accelerate long-term soil erosion associated with frequent reburning (Pierson et al., 2011; Wilcox et al., 2012). Wildﬁre in

this study elicited a favourable vegetation response to reduce
woodland ecohydrologic resilience without negative hydrologic ramiﬁcations of post-ﬁre cheatgrass invasion. Increased
forb production 1and 2 years post-ﬁre is typical for mountain
big sagebrush communities encroached by juniper (Barney
and Frischknecht, 1974). Cheatgrass was present at the site
pre-ﬁre, and increased minimally (5%) over the ﬁrst 2 years
post-ﬁre. Great Basin sagebrush steppe sites in frigid
temperature and xeric moisture regimes like Castlehead are
typically less susceptible to cheatgrass invasion than more
mesic and aridic sites (Barney and Frischknecht, 1974;
Koniak, 1985; Miller et al., 2005). However, mountain big
sagebrush sites can be subject to post-ﬁre cheatgrass
invasions, particularly on burned juniper coppices with
limited pre-ﬁre cover by perennial plants (Bates et al.,
2011). Post-ﬁre dominance by cheatgrass is most likely where
perennial grass and forb densities are less than 1–2 and
5 plants per m2, respectively (Bates et al., 2006, 2007, 2011).
From a management perspective, opportunistic use of wildﬁre
or prescribed-ﬁre as a restoration pathway (Briske et al.,
2008) for woodland-encroached sagebrush steppe can be
augmented with seeding to successfully recruit desired
vegetation (Sheley and Bates, 2008; Madsen et al., 2012a,
2012b, 2012c) and hydrologic function. Such approaches
may be necessary in late-succession woodlands like
Castlehead where post-ﬁre plant recruitment is highly
variable and dependent on post-treatment precipitation
(Miller et al., 2005). Land managers seeking to use ﬁre as a
restoration tool in sagebrush steppe should consider cool
season burns that commonly result in lower mortality of
perennial herbaceous plants (Bates and Svejcar, 2009; Bates
et al., 2011) and that, regardless of initial post-treatment
success, re-entry for follow-up tree removal may be required
(Miller et al., 2005).
Fire-induced reversal of the soil erosion feedback
Our results do not conclusively demonstrate whether the
soil erosion feedback in late-succession woodlands is
reversible by ﬁre, but they do suggest the potential for ﬁre
as an ecohydrologic reversal mechanism through hysteretic
alteration of structural and functional thresholds. Burning
of Phase II to Phase III woodland in this study improved
intercanopy inﬁltration of low-intensity rainfall (Table III)
and decreased intercanopy erosion by simulated overland
ﬂow (Table VII). However, intercanopy runoff and erosion
by splash-sheet processes during high-intensity rainfall
were not signiﬁcantly different for burned versus unburned
conditions (Table IV). The contrasting results for the low
versus high-intensity simulation storms imply that the
Castlehead site remained vulnerable to ampliﬁed crossscale erosion from high-intensity rainfall 2 years post-ﬁre.
Post-ﬁre succession studies have documented favourable
recruitment of vegetation and ground cover over time
(Bates et al., 2005; Bates and Svejcar, 2009; Bates et al.,
2009, 2011) that would subsequently reduce erodibility,
structural connectivity, and concentrated ﬂow formation
(Cerdà et al., 1995; Cerdà, 1998; Cerdà and Doerr, 2005;
Pierson et al., 2007, 2008a, 2009, 2010). We anticipate that
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runoff and erosion at the Castlehead site will continue to
decrease as the structural connectivity and functional
connectivity that support abiotic-driven soil loss dissipate. Of course, variability in the recovery process is
expected because of short-term climate ﬂuctuations.
Furthermore, tree recruitment at the site continues, and
the risk for advancing tree cover and re-establishment of
woodland structure and function is imminent without
intervention or re-establishment of ﬁre cycles that control
woodland encroachment (Miller et al., 2005). The
ultimate culmination in cover requirements to reverse
the structural–functional thresholds for concentrated
ﬂow and ampliﬁed soil loss is indeterminate from our
short-term study. Longer-term studies of woodland
vegetation and hydrologic responses to wildﬁre and
prescribed ﬁre are needed across the domain of woodland
encroachment to deﬁnitively address the potential for
ﬁre-induced reversal of the soil erosion feedback in latesuccession woodlands.

The woodland, however, remained vulnerable to runoff and
erosion from high-intensity rainfall throughout the study.
Improved inﬁltration of low-intensity rainfall and the
decreased concentrated ﬂow erosion 2 years post-ﬁre
suggest ﬁre-induced recruitment of herbaceous cover
exerted a positive functional feedback toward sagebrush
steppe ecohydrologic resilience, but the remaining vulnerability to the high-intensity simulated storms implies the
transition to a sagebrush steppe structural–functional
ecohydrologic state requires more time. We therefore
conclude that wildﬁre can reduce late-succession woodland
ecohydrologic resilience through cover recruitment within
two growing seasons, but residual hydrologic effects of
woodland structural attributes may remain detectable
during high-intensity rainfall events for an undetermined
amount of time during site recovery. Our results do not
conclusively indicate that ﬁre can reverse the soil erosion
feedback in the later stages of woodland encroachment in
the Great Basin. The results suggest, however, that burning
may dampen the soil erosion feedback with the ﬁrst 2 years
following burning.

SUMMARY AND CONCLUSIONS
Cross-scale vegetation, runoff, and erosion data collected
in this study reveal structural thresholds for functional
shifts in the dominant control on soil erosion from
woodland-encroached sagebrush steppe in the Great Basin.
We measured ampliﬁed cross-scale soil loss from highintensity rainfall on a historic sagebrush steppe site in the
later stages of woodland succession. High rates of erosion
across spatial scales resulted from the concentration of
runoff within well-connected bare areas in the degraded
intercanopy. Our results are consistent with other Great
Basin woodland studies and suggest that 50–60% bare
ground and frequent basal gaps in excess of 1 m within the
intercanopy represent structural thresholds for concentrated
ﬂow formation and ampliﬁed cross-scale erosion. These
thresholds are key indicators of a functional shift from
biotic (vegetation)-controlled resource conservation to
abiotic-controlled losses of critical soil resources. For
Great Basin woodlands, intercanopy ground cover decline
to 55% serves as an early warning sign that a site is
approaching the biotic-to-abiotic shift and an ecohydrologic threshold for long-term site degradation. These
conditions likely occur in mid-Phase II when sagebrush
canopy cover declines below 20% and total canopy cover
within the intercanopy is less than 50%.
Our results suggest that wildﬁre has a hysteresis effect
on reversing the ecohydrologic resilience of woodland
encroachment into Great Basin sagebrush steppe. Wildﬁre
increased the short-term (1 year post-ﬁre) hydrologic and
erosion vulnerability of a late-succession woodland by
removing protective cover from water-repellent tree zones,
but induced herbaceous recruitment during the second
post-ﬁre growing season. Herbaceous cover recruitment
2 years post-ﬁre improved inﬁltration of low-intensity
rainfall in interspaces, reduced structural connectivity of
the intercanopy, and decreased the erosive energy and
sediment transport capacity of simulated concentrated ﬂow.
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